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a b s t r a c t 

This study investigated microplastics (MPs) sized 10–5000 μm across stages of a conventional municipal wastew- 
ater treatment plant using multiple analytical techniques. Samples were collected via pumping and filtration, 
treated with the Fenton reaction for wet peroxidation, and separated by density separation. Analysis employed 
Focal Plane Array Micro-Fourier Transform Infrared Spectroscopy (FPA micro-FTIR), a widely used technique in 
MPs analysis, alongside the less common Laser Direct Infrared Spectroscopy (LDIR), providing complementary 
data on particle composition, shape, size, and colour. To enhance insights, spectroscopic methods were supple- 
mented with Thermal Desorption Gas Chromatography-Mass Spectrometry (TD-GC/MS), calibrated for specific 
polymers, to quantify MPs by mass and assess removal efficiency. Wastewater treatment effectively reduced MPs. 
In influent samples, concentrations reached 72 MPs/L (FTIR), 2117 MPs/L (LDIR), and 177 μg/L (TD-GC/MS). Pri- 
mary treatments removed 41 %–55 %, while the wastewater treatment plant effluent contained 1 MPs/L (FTIR), 
93 MPs/L (LDIR), and 2 μg/L (TD-GC/MS), reflecting 96 %–99 % removal efficiency. Activated sludge showed 
concentrations of 123 MPs/L (FTIR), 10,800 MPs/L (LDIR), and 0.3 mg/g dry weight (TD-GC/MS), underscoring 
its role in MPs capture. However, sludge dewatering released significant MPs into centrifuge rejected water: 484 
MPs/L (FTIR), 23,000 MPs/L (LDIR), and 1100 μg/L (TD-GC/MS). These results highlight the effectiveness of con- 
ventional treatments in MPs removal and the critical role of sludge in capturing these contaminants. However, 
sludge dewatering poses a risk of reintroducing MPs into the environment. Effective sludge management should 
prioritize nutrient recovery and biomass valorisation to mitigate these risks and minimise harmful environmental 
impacts. 
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. Introduction 

Plastic production has grown significantly worldwide in recent
ecades, causing a major impact in terms of environmental contami-
ation by plastic waste ( Geyer et al., 2017 ). The durability, light weight
nd resistance to degradation of plastics have led to their wide use in
arious industries but also increase the likelihood of their release into
he environment. The most prevalent polymers are obtained from fos-
il fuels and are the most widespread in the environment as contami-
ants. Polypropylene (PP), polyethylene (PE), polyvinyl chloride (PVC),
olyethylene terephthalate (PET), polyurethane (PU), and polystyrene
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PS) are the most globally produced polymers ( Palacios-Mateo et al.,
021 ; Plastics Europe, 2024 ). Other polymers are widely used world-
ide. For example, polybutadiene rubber (PBR), made from the poly-
erization of 1,3-butadiene, is known for its high wear resistance and

s primarily used in tire manufacturing, accounting for 70 % of its pro-
uction. It also enhances toughness in plastics like PS and acrylonitrile
utadiene styrene (ABS) and is used in electronics due to its electri-
al resistivity. About 1 kg of PBR is used per car tire and 3.3 kg in
tility vehicles ( Brandt et al., 2011 ). Ethylene vinyl acetate (EVA) is
 versatile, cost-effective material prized for its shock-absorbing prop-
rties, commonly used in footwear, plastic wraps, sports padding, and
il 2025 
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dhesives. It also finds applications in high-quality paints and biomed-
cal devices like drug-delivery systems ( Ogawa et al., 2012 ). Polyacry-
onitrile (PAN), produced from acrylonitrile polymerization, is mainly
sed for synthetic fibers known for their durability and strength, and as
 precursor for carbon fiber production. Acrylate polymers are valued
or their transparency, break resistance, and elasticity. They are used
n cosmetics, adhesives, automotive applications, and paints. Sodium
olyacrylate, a superabsorbent polymer, is essential in disposable dia-
ers ( Penzel, 2000 ). Polymethylmethacrylate (PMMA), or acrylic glass,
s a clear, break-resistant material, also used as rheology modifiers
n cosmetics, while polyacrylamide copolymers aid in water treat-
ent ( Stickler and Rhein, 2000 ). Microplastics (MPs), i.e., small plas-

ic particles with dimensions ranging from 5 mm to 1 μm, recently
merged as a pressing environmental issue, raising concerns due to their
idespread presence in many ecosystems, including natural parks and
rotected or remote areas ( Giarrizzo et al., 2019 ; Queiroz et al., 2022 ;
copetani et al., 2021 ). Addressing the challenges posed by MPs pol-
ution requires a comprehensive understanding of their sources, fate,
nd potential impact on the environment and human health. MPs can
ome from both primary and secondary sources, where larger plastic
bjects break down into smaller particles over time ( Thompson et al.,
004 ). These MPs can act as carriers for harmful substances, such as
rganic and inorganic contaminants, as well as pathogens and antibi-
tic resistance genes ( Bakir et al., 2012 ; Galafassi et al., 2021 ; Li et al.,
018 ; Rochman et al., 2013 ). Organisms exposed to MPs may experi-
nce ecotoxicity, and given their resistance to degradation, MPs may
ioaccumulate up the trophic chain ( Paul et al., 2020 ). 

Wastewater treatment plants (WWTPs) collect MPs from municipal
nd industrial wastewater ( Blair et al., 2017 ). Upstream sources of MPs
nclude synthetic fibres from clothing washes, primary MPs contained
n personal hygiene products, and road particles from areas without sep-
rate sewerage systems ( European Commission, 2023 ). Several studies
ave shown that WWTPs can remove up to 98 % of MPs, with higher
emoval rates in plants using tertiary treatments like sand/disk filters
r membrane technologies ( Ben-David et al., 2021 ; Simon et al., 2018 ;
alvitie et al., 2017a ). Understanding the role of WWTPs in captur-

ng and removing MPs is crucial, as is identifying the most effective
echnologies to minimize their environmental release. During primary
reatments, which include screening, grit and grease removal, 35 % to
9 % of MPs are removed ( Rout et al., 2022 ). Larger particles are re-
oved through screening and grit chambers, while aeration generates

ubbles that lift MPs to the surface for skimming. Primary treatment
chieves 50 % to 98 % MPs removal through surface skimming, grav-
ty separation, and adsorption ( Rout et al., 2022 ). Pretreatments and
rimary sedimentation are more effective at removing fibers than frag-
ents, as fibers get trapped in flocculating particles and are separated
uring sedimentation. After biological treatment and final clarification,
Ps in treated wastewater are reduced to 0.2 %-14 % of their initial

oncentration. MPs accumulate in sludge flocs and bacterial extracellu-
ar polymers in the aeration tank, eventually settling in the secondary
larification tank ( Ali et al., 2021 ). Longer MPs/wastewater contact
imes during treatment can promote biofilm formation on MPs, alter-
ng their properties and enhancing their removal ( Debroy et al., 2022 ).
lthough tertiary treatments (e.g., membrane bioreactor, sand filtra-

ion, and disc filters) further reduce MPs content in treated wastewa-
ers, smaller MPs ( < 200 μm) become more abundant downstream of
ertiary treatment ( Sun et al., 2019 ). Sewage sludge contains MPs con-
entrations ranging from 400 to 7000 particles/kg wt (wet weight) or
pproximately 1500–170,000 particles/kg dw (dry weight) ( Ali et al.,
021 ). MPs in sludge are typically larger than those in wastewater, with
bers comprising up to 80 %. Synthetic fibers serve as reliable indi-
ators of contamination in areas where sludge is applied to land, soil,
nd surface waters. Skimming units demonstrate the highest transfer of
Ps to sludge, underscoring the effectiveness of early-stage skimming

n MP removal, which could be further enhanced by Salsness-like tech-
ology ( Stroski, 2019 ). Anaerobically digested sludge typically contains
425
ve times more MPs than activated or membrane bioreactor sludge. Ad-
itionally, about 20 % of MPs in sewage sludge re-enter the wastewa-
er stream through sludge dewatering processes such as centrifugation
 Salmi et al., 2021 ). Improperly managed sludge can release substan-
ial quantities of MPs, along with associated pollutants and pathogens,
nto agricultural soils ( Nizzetto et al., 2016 ). Co-pyrolysis with biomass
rovides a promising solution for treating MPs-contaminated sludge, en-
bling fuel production and chemical recovery while reducing environ-
ental risks ( Anuar Sharuddin et al., 2016 ). 

Analysing MPs in WWTPs poses unique challenges, particularly with
maller fractions and nanoplastics ( Cavazzoli et al., 2023 ). These tiny
articles require specific analytical techniques for accurate detection
nd quantification. Quality assurance and control are critical for ob-
aining reliable data and evaluating potential environmental and human
ealth impacts ( Ziajahromi and Leusch, 2022 ). Moreover, the analytical
ethod must be time-efficient to be practical for laboratories addressing
icropollutants in wastewater. Adopting a multi-analytical approach,
idely recommended in the literature, is crucial for accurately charac-

erizing MPs in samples. However, this approach is rarely implemented,
nd the results from different analytical techniques are often difficult
o compare ( Adhikari et al., 2022 ). Focal Plane Array micro-FTIR (FPA
icro-FTIR) is a non-destructive technique widely used in the analysis

f MPs in environmental matrixes ( Song et al., 2015 ). These instruments
ffer high-resolution in terms of MPs size enabling the analysis of MPs
ith dimensions down to 5-10 μm. However, FPA micro-FTIR-based in-

truments, if not automated, are time-consuming and require continuous
anual handling of samples and data processing, which slows the pro-

ess and makes it prone to human errors, potentially leading to inconsis-
encies in results ( Primpke et al., 2018 ). The Laser Direct Infrared (LDIR)
pectroscopic system is a relatively new tool in the field of MPs analy-
is in environmental samples. Consequently, validated preparation and
easurement methods specific for LDIR aimed to ensure reproducible

nd valuable analyses are under development ( Pagliaccia et al., 2025 ).
utomated LDIR systems can analyse and map large amounts of data,
llowing rapid and non-destructive screening of a high number of par-
icles ( Jia et al., 2022 ). Being an automated tool, it significantly re-
uces the need for manual sample manipulation and data processing,
inimising the risk of human errors, and ensuring consistency and re-
roducibility in results ( Dong et al., 2022 ). Consequently, automated
ystems like LDIR optimise the analytical process, reducing timeframes
nd maximising comparability between studies. An alternative to spec-
roscopic techniques for MPs analysis is thermal desorption gas chro-
atography coupled with mass spectrometry (TD-GC/MS), which oper-

tes at lower temperatures than pyrolytic GC/MS (Py-GC/MS), thereby
reventing pyrolyzed product interference ( Duemichen et al., 2019 ).
D-GC/MS can analyse larger sample volumes, in contrast to Py-GC/MS,
hich typically handle only 5 to 10 mg of material ( Claessens et al.,
013 ). TD-GC/MS provides high sensitivity for detecting MPs at trace
evels and can identify additives and chemical constituents ( Endo et al.,
005 ). While TD-GC/MS efficiently process large sample volumes via

utomated systems, calibration with standard materials remains crucial
ue to the variability in polymer composition ( Primpke et al., 2020 ).
tudies that have analysed MPs with GC-MS techniques focused on a
ew polymers, such as PS, PE, and PP, while little has been done on the
uantification of other polymers that are found in wastewater. Despite
eing a destructive technique, TD-GC/MS offers unique advantages. It
nables the carrier flux exiting the desorber, containing thermodestruc-
ion products, to be split between the GC and an activated carbon vial.
he vial adsorbs the released molecules, allowing for subsequent anal-
sis using the GC/MS. 

This research aims to identify, characterise, and quantify MPs in
amples collected from various treatment stages of a municipal WWTP.
 multi-analytical approach, incorporating FPA micro-FTIR, LDIR, and
D-GC/MS, will be employed to analyze MPs based on their number,
ass, size, shape, and colour. The findings will be used to evaluate MPs
ynamics, removal efficiency, and distribution throughout the wastew-



S. Cavazzoli, C. Scopetani, D. Chelazzi et al. Journal of Environmental Sciences 160 (2026) 424–438

Fig. 1 – Diagram of the investigated wastewater treatment plant (WWTP). Sampling points 1-5 are highlighted with a dashed orange circle. A = autosamplers along 
the water purification line. Sampling points are highlighted with an orange dashed circle: (1) influent wastewater; (2) effluent from the primary clarifier; (3) WWTP 
effluent; (4) activated sludge sampled from the biological oxidation tank; (5) water extracted from the centrifuge, recirculated into the WWTP. Samples collected at 
points 1 and 2 collected using an autosampler (A, 24 h composite samples) and filtered using a pumping and filtration system ( Appendix A Fig. S1 ). The sample at 
point 3 was accumulated over 24 h in a stainless-steel tank and subsequently filtered using the same pumping and filtration system. Samples from points 4 and 5 
were collected as grab samples, as they were considered temporally homogeneous. AD: anaerobic digestion. 
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ter treatment process, as well as the environmental emission factors
ssociated with the WWTP. A comparative analysis of the results from
ifferent analytical techniques will highlight their respective challenges
nd advantages, providing valuable insights for future studies. 

. Materials and methods 

.1. Description of the wastewater treatment plant 

The study was conducted in the Alpine area of north-eastern Italy. Al-
hough the investigated WWTP is designed to serve a population equiv-
lent (pe) of 450,000, it currently serves about 337,000 pe. In 2021 the
lant processed approximately 42,294 m3 of wastewater per day from
4 municipalities. The pretreatment process involves an initial screening
tep to remove coarse materials, such as wood, rags, and paper followed
y grease and oil removal. Coarse materials and sand, after washing,
re disposed of in a landfill, while collected oil and grease are routed to
naerobic digestion (AD) for biogas production. In the primary clarifier,
ner particles settle and are subsequently scraped from the bottom of
he tank and transferred to AD. The water leaving the primary clarifier
ows into the biological oxidation tank, where microorganisms facilitate
he transformation of biodegradable organic matter (OM) into biolog-
cal sludge, as well as OM hydrolysis and mineralization. In the final
larifier, the biological sludge is separated from the water and directed
o AD. A portion of the purified water is recycled within the plant as in-
ustrial water ( ∼880,000 m3 ). Once anaerobically digested, the sludge
ndergoes dewatering by centrifuge, before being transported to a des-
gnated disposal center. The centrifuge rejected water is reintroduced
nto the wastewater treatment line before the primary sedimentation.
he methane generated during the AD of sewage sludge is utilized for
lectricity and heat generation, primarily to satisfy the energy needs of
he WWTP. 

.2. Sampling points 

For this study, samples were collected from the following points of
he WWTP: (1) influent; (2) primary clarifier effluent; (3) WWTP efflu-
nt; (4) biological oxidation tank; (5) centrifuge rejected water. Fig. 1
rovides a schematic representation of the WWTP under investigation,
ighlighting the selected sampling points. The chosen points along the
426
reatment line allow for assessing the extent of MPs contamination in
he influent (sampling point 1) and the efficiency of the WWTP in re-
oving MPs during initial treatment stages (e.g., screening, grit and

rease removal, primary sedimentation, (sampling point 2)) as well as
cross the entire treatment process (sampling point 3). Sampling points
 and 5 (i.e., activated sludge and centrifuge rejected water) provide
nsights into what remains within the plant and is recirculated. Specifi-
ally, sludge flocs and bacterial extracellular metabolites in the aeration
ank are known to accumulate MPs, while sludge dewatering processes
rior to disposal may separate MPs along with the aqueous phase of the
ludge ( Fig. 1 ). 

.3. MPs sampling system 

The influent (1) and the effluent of the primary clarifier (2) were
ampled using an autosampler (MAXX SP5, MAXX Mess- und Probe-
ahmetechnik GmbH, Germany), equipped with 10 L glass bottles ( Ap-

endix A Fig. S1 ). 3 L of (1) and 6 L of (2) were collected in a 24 h
ow-weighted composite sample. This volume was then processed us-

ng an in-house made pump and filtration sampling system, consisting of
 fully stainless-steel centrifugal pump (ENOS 20, Enoitalia S.r.l., Italy,
70 V, 50 Hz, qmax = 30 L/min) connected to a 10 μm stainless-steel car-
ridge filter (MS stainless-steel screen cartridge, 4 7/8 ″ (124 mm), 10
m, Wolftechnik Filtersysteme GmbH & Co. KG, Germany, PTFE gasket,
P filter housing). The sampling system is shown in Appendix A Fig. S1 .
he cartridge filters facilitated the concentration of suspended particu-

ate matter, including MPs, on the filter surface and in approximately
00 mL of the filter housing liquid. A 1.5-bar overpressure valve was
nstalled on the sampling system to maintain its integrity and prevent
ailures during sampling. After filtration, the cartridge filters and the
lter housing liquid were transferred to a 1 L glass beaker with a metal

id and transported to the laboratory for MPs extraction. 
The sampling time of the WWTP effluent (3) was adjusted accord-

ng to the average hydraulic residence times of the wastewater within
he WWTP. Specifically, the sampling of (3) was started with a 34-h
elay relative to the influent sampling, as reported in Appendix A Ta-

le S1 . This approach aimed to ensure that effluent samples were as
onsistent and representative as possible. Following the same rationale,
he sampling of (2) began 1.5 h after the influent sampling. The final

WTP effluent was initially accumulated in a 500 L stainless-steel tank
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re-rinsed with ultrapure (UP) water, using a peristaltic pump (IPI96
variant IPI96IN), Espango (Teknofluor S.r.l.), Italy, 230 V, 15-70 Hz)
perating at a flow rate of 250 mL/min ( Appendix A Fig. S1 ). Over
4 h, a total of 360 L was sampled. The effluent was then filtered us-
ng the previously described sampling system, employing a centrifugal
ump to collect solids on a 10 μm stainless-steel cartridge filter. How-
ver, the filter became clogged before processing the full volume, caus-
ng the pump to lose efficiency. Ultimately, 200 L of final effluent was
uccessfully filtered, representing the 24 h WWTP outflow. 

As for the activated sludge (4) and the centrifuge rejected water (5),
amples were collected using a 1 L glass beaker and brought to the labo-
atory for extraction. Since these matrices are homogeneous and have an
xtended residence time in the WWTP, the sampling methodology ap-
lied can be considered sufficiently representative and consistent. The
4) and (5) samples were stored in a glass beaker with a metal lid, at
 °C and in the dark until further processing for MPs extraction. Apart
rom the WWTP final effluent (3), all other samples were screened at
000 μm using a stainless-steel sieve. If present, material > 5000 μm was
nspected and any retained mesoplastics particles were collected and
laced in glass Petri dishes for future analyses of organic and inorganic
ontaminants associated with plastics (data not published). Appendix

 Table S1 shows the volumes collected for each sampling point. 

.4. Microplastic extraction protocol 

After sampling, the liquid remaining in the filter housing of (1), (2),
nd (3) samples were filtered through a tailored 1 μm stainless-steel
abric (Bopp®, Switzerland) and the retained material was transferred
n a glass container. To promote the oxidation of most of the OM, the
artridge filter, along with 100 mL of 30 % H2 O2, was transferred in
he same glass container ( Appendix A Fig. S1 ). To further improve the
emoval of the solid particulate and the recovery of MPs adhered to the
lter and the stainless-steel fabric, the glass container was placed in a

ow-intensity ultrasonic cleaner (USC), for three cycles of 10 min each.
are was taken to prevent the solution temperature from exceeding 40

C. After USC treatment, the cartridge filter and the stainless-steel fab-
ic were removed, and the solution was subjected to Fenton reaction, in
hich the OM is oxidised by the combination of H2 O2 with a ferrous

atalyst. A 20 mg/mL aqueous solution of FeSO4 ·7H2 O was identified
s optimal for degrading residual OM, as per Hurley et al. (2018) and
agg et al. (2017) . A peroxide-to-catalyst volumetric ratio of 2 was em-
loyed, meaning that 100 mL of 30 % H2 O2 solution was mixed with
0 mL of the catalyst solution. Reaction conditions were carefully con-
rolled, maintaining the temperature around 40 °C using an ice bath and
djusting the pH to 4 with small amounts of 2 mol/L NaOH or 1 mol/L

2 SO4 as needed. These precautions were taken to avoid sample loss
nd preserve MPs integrity. The resulting wet peroxidation (WPO) so-
ution was kept stirring at 40 °C for 24 h. Afterwards, the WPO solu-
ion was collected on a 1 μm stainless-steel fabric, and the filtrate was
ashed at least three times with UP water and then transferred into a
00 mL separating funnel containing enough ( ∼300 mL) ZnCl2 solution
 𝜌∼1.8 g/cm3 ). After 48 h, the settled material consisting of red sludge
nd inorganic particles was discarded, while the clean solution contain-
ng floating particles was filtered on a 1 μm glass fiber filter (GF/F,

hatman (Cytiva), United Kingdom) using a glass vacuum filtration sys-
em. The final filters were then placed in covered glass Petri dishes and
tored in a desiccator until analysis. The ZnCl2 solution was collected,
ltered again through 1 μm stainless-steel fabric, and regenerated at 𝜌
1.8 g/cm3 for subsequent reuse (up to five times). 

For samples (4) and (5) ( Fig. 1 ), a 100 mL sub-sample was taken, as
his volume was deemed sufficient for WPO, given that sewage sludge
s known to be rich in MPs ( Bayo et al., 2016 ). The sub-sample was set-
led overnight, then the clear upper layer was directly filtered through
 1 μm stainless-steel fabric. Few drops of H2 O2 were added to the fil-
er to degrade OM and facilitate filtration. The material retained on the
lter was then combined with the settled solids, and the entire mixture
427
nderwent the MPs extraction process. Specifically, 100 mL of 30 %

2 O2 were added to the solids, and the beaker was treated in a low-
ntensity USC for three cycles of 10 min each. The resulting solution
as subsequently processed via the Fenton reaction, followed by den-

ity separation using zinc chloride, as previously described. Appendix A

ig. S2 shows the sample purification procedure used in this study, dif-
erentiating between samples collected through the stainless-steel car-
ridge filtration, and samples grabbed in glass beakers (activated sludge
nd centrifuge rejected water). This procedure is based on widely used
ethods described in the literature ( Masura et al., 2015 ; Mintenig et al.,
017 ; Tagg et al., 2017 ). The method was previously tested on a batch of
tandard MPs consisting in PVC, PET, PP and high-density polyethylene
HDPE) ( Appendix A Table S2 ), with particle sizes ranging from 500
o 2000 μm. These MPs were subjected to the full extraction procedure,
ncluding USC, WPO, and density separation. The mass recovery rate ex-
eeded 90 % for all polymers, with PP exhibiting the highest mass loss
nd PVC the least. Visual inspection of the treated particles under an op-
ical microscope revealed no changes in their size and colour, indicating
inimal physical or chemical alteration during the process. 

.5. MPs characterization and quantification 

The dried filters were first analysed with a Fourier transform infrared
pectroscopy microscope equipped with a FPA detector (Cary 620-670
TIR microscope FPA detector, Agilent Technologies, Inc., USA), which
llows 2D imaging-FTIR analysis of MPs directly on the filters. This an-
lytical approach for the identification and counting of MPs has been
idely used in literature ( Cincinelli et al., 2017 ; Hendrickson et al.,
018 ; Roscher et al., 2022 ). Analyses were performed in reflectance
ode with a spatial resolution of 4 cm-1 , acquiring 128 scans per spec-

rum. Each analysis focuses on a 700 × 700 𝜇m2 box (128 pixels × 128
ixels) and each pixel has a size of 5.5 × 5.5 μm2 (spatial resolution
f the imaging map of 5.5 𝜇m). To reduce analysis time, as commonly
one in MPs spectroscopy ( Huppertsberg and Knepper, 2018 ), five 5-
m squares (each with an area of 25 mm2 ) were randomly selected and

nalysed from the total 1134 mm2 area of the filter (with an effective
ltering surface of Ø = 38 mm). In this way, approximately 11 % of
he total filter surface was analysed for each sample, enabling efficient
nalysis while ensuring a reasonable degree of accuracy within the lim-
tations of the study. We assumed that the analysed MPs were repre-
entative of the material captured on the filter, i.e., evenly distributed,
nd we estimated the total number of MPs in the samples accordingly.
or each identified polymer, a detailed description of the 2D FTIR imag-
ng and specific absorption bands is provided in the supplementary data
 Appendix A Figs. S3-S11 ). The colour of MPs was identified using
TIR-associated microscopic observations. 

Being a non-destructive technique, once the FPA micro-FTIR analy-
is was completed, the filters were backwashed with 10 mL of absolute
thanol (EtOH VLSI, VWR) using a ceramic Buchner funnel connected
o a vacuum pump. To maximise the recovery of MPs retained on the
lter, the latter was subsequently immersed in approximately 10 mL
f absolute EtOH, and the whole sample was sonicated for 20 s in low-
requency USC. The EtOH solution containing MPs was then refrigerated
ntil LDIR analysis. LDIR analyses were carried out with an Agilent 8700
DIR Chemical Imaging System, having hardware version LP3 and op-
rating software Clarity 1.5.58. The wavelength range used for analysis
s between 1800 and 975 cm-1 , and the instrumental performance is
ptimised for the analysis of MPs. For analysis, four 5 μL drops of the
reviously prepared MPs suspension in EtOH were placed on a clean
lide, which was then transferred to the LDIR measuring chamber. This
quates to a total of 20 μL, representing 0.1 % of the entire 20 mL so-
ution, being analysed. To analyse representative aliquots of the bulk
ample, immediately prior to taking the 5 μL from the test tube, the test
ube was vortexed for 2 s (minimum r/min), and while the sample was
aken, the test tube was kept shaking by hand shaking. As recommended
y the instrument manufacturer, matching values above 0.80 were con-
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idered indicative of high-quality polymer identification. Like the ap-
roach used for FTIR analysis, three spectra were examined for each
olymer in the LDIR analysis to verify the presence of polymer-specific
iagnostic bands and confirm the accuracy of the results (See Appendix

 Figs. S12-S22 . An example is given for each polymer). After this con-
rmation test, some particles were rejected (unassigned spectra) even
hough their software matching was > 0.80, as some diagnostic bands
dentifying the chemical nature of the polymer were missing. The highly
utomated nature of LDIR significantly reduced the sample manipula-
ion needed for analysis allowing the possibility to collect data even
vernight. 

The major aliquot of EtOH solution containing the MPs and not used
or LDIR analysis was filtered on 1 μm glass fiber filter and analysed
ith TD-GC/MS. To be analysed directly, the filter was rolled up and
laced in the sample tube ( Appendix A Fig. S31 ), which was placed
n the autosampler of the thermal desorber, and from there desorbed
or GC/MS analysis. Appendix A Table S3 summarises the instrument
pecifications and operating parameters settings optimised for the anal-
sis of MPs. As a precaution, analyses were initially performed with a
plit of the desorbed analyte stream, analysing only 10 % of the total,
o avoid signal saturation and possible clogging of the GC column. The
emaining 90 % was collected on MARKES UNIVERSAL activated car-
on vials, which are designed to capture C2 -C30 compounds. This gas
plit was done for the influent samples (1), activated sludge (4), and
entrifuge rejected water (5). In the other samples, the split was lower
50 %, or 30 %) or nil, i.e., splitless analysis. For the construction of
he calibration curve for the quantification of polymers in the samples,
liquots of naturally aged and degraded commercial polymer materials
ere used. The polymers investigated were those most found in the en-
ironment and in samples from WWTPs, namely PVC, PP, PE, PS, ABS,
ires, PMMA, and bioplastic (Mater-bi). The choice not to use pristine
Ps standards but aged and weathered commercial materials was made

o obtain signals as similar as possible to those resulting from environ-
ental plastics. Indeed, these MPs contain additives and impurities that

ould influence the analytical response of the thermal GC/MS, leading
o different signals compared to pure standard polymers. Binary and
ernary mixtures of these polymers were also analysed to evaluate the
resence or absence of potential interferences between the signals of dif-
erent polymers. Representative spectra of the polymers analysed using
D-GC/MS are shown in Appendix A Figs. S23-S30 , while Appendix A

able S4 lists the selected molecules for the identification and quantifi-
ation of the polymers, along with other values such as retention time
nd main molecular weights. 

The MPs size classification, in μm, was divided into > 1000, 500–
000, 300–500, 50–300, and 10–50. A similar size classification was
mployed in the review by Ali et al. (2021) . Due to the significant num-
er of particles around 50 μm observed, this size range was specifically
ncluded. Various cellulose fibers (CFs) were identified in the samples.
n the graphs, CFs will be categorized under MPs; however, their dis-
inct characteristics will be addressed in the discussion. CFs that bypass

WTPs and enter aquatic environments can act as vectors for contami-
ants, much like MPs. Given their higher biodegradability compared to
Ps, CFs may release associated contaminants more readily, underscor-

ng their inclusion in this study. Appendix A Table S5 provides details
n the different CFs commonly found in wastewaters. To simplify data
omparison, results from various methods are expressed as the num-
er or mass of MPs per litre (MPs/L) of sample. Fiber dimensions were
efined by their length, representing the longest dimension of the par-
icle. Generally, the fibers found have small diameters (20-50 μm) and
engths ranging from a few hundred μm to several mm. For other parti-
le types (fragments, granules, films), the longest side was also recorded
s the size measurement. The FTIR classification of MPs into morpholog-
cal classes followed the geometric criteria from Markley et al. (2024) ,
ith size manually measured using the instrument’s internal tools. In

ontrast, LDIR automatically measured numerous structural parameters
f each particle, and these measurements were combined with a visual
428
nspection of images captured by the instrument to determine morphol-
gy. In this study, the (largest) particle size data will primarily be con-
idered to facilitate comparison with results obtained from FTIR and
DIR spectroscopic techniques. Nevertheless, leveraging additional val-
es from the LDIR analysis could yield valuable insights. For example,
hile it would require relatively strong assumptions for certain param-

ters characterising MPs, a model could be used to estimate the total
olymeric mass of LDIR-detected MPs. The accuracy of this model could
hen be validated using spectrometric analyses, such as TD-GC/MS. 

.6. Quality assurance and quality control 

Glass and stainless-steel instruments and containers were used when-
ver possible, each thoroughly washed three times with UP water. Strict
recautions were implemented during sampling and analysis to min-
mize and monitor potential self-contamination, including the use of
oloured lab coats and gloves. In the laboratory, sample preparation
as conducted under a fume hood in a clean environment. To evaluate
otential self- and cross-contamination, experimental blanks were pre-
ared for each extraction step by exposing a beaker of UP water near
he samples during processing. This water, along with all reagents used
n the extraction, was filtered through a 1 μm glass fiber filter. Contam-
nation levels were quantified by calculating the average contamination
bserved in the experimental blanks, which was then subtracted from
he sample data to correct the results. The recovery efficiency of the
ethod was assessed by applying the extraction procedures to samples

piked with MPs particles produced in the laboratory ( section 2.4 ). 

. Results and discussion 

.1. MPs in the influent wastewater 

As shown in Fig. 2 a , the main polymer found in the influent wastew-
ter detected by micro-FTIR analysis is PBR (60 %), followed by EVA
30 %). The MPs concentration in this matrix is 72 MPs/L. This value
s consistent with that found in similar studies ( Sun et al., 2019 ). As re-
orted in Fig. 2 b , most particles were found to range between 10 and
0 μm, followed by slightly larger particles ranging from 50 to 300 μm.
mong the smallest particles (10 and 50 μm), only PBR and EVA were
etected. However, a small number of particles of this polymer were
lso found in the size fraction larger than 300 μm. Fig. 2 c and 2 d shows
hat most particles entering the WWTP were granules, particularly small
BR granules (26 %). These MPs likely originate from street washing
nd pipe wear. Although the plant primarily treats wastewater from ar-
as with white/black water separation, some areas still lack complete
eparation, allowing urban run-off to carry MPs worn from tires. The
nfluent sample contained approximately 16 EVA films/L, with l film
ize ranging between 500 and 1000 μm. Additionally, a small quantity
f relatively large PAN fibers (300-500 μm, 3 % of total fibers) and
crylate granules were found. The colour distribution of the MPs found
n the influent sample was primarily transparent (EVA), followed by
lack (PBR), white (acrylate) and red (PAN). It is worth noting that, as
entioned in paragraph 1.5, only approximately 11 % of the filter from

ach sample was analysed, with the total MPs content extrapolated from
hese measurements. Therefore, the results obtained via micro-FTIR may
ot provide a complete overview of the actual sample composition. The
resence of other polymers in the influent sample cannot be ruled out.
he relatively low number of fibers detected entering the plant is sur-
rising, given that fibers are a major form of MPs in municipal wastewa-
er ( Lares et al., 2018 ), as will be shown by the identification of several
bers in other samples. Therefore, LDIR and TD-GC/MS analyses are
ssential to supplement the results obtained with micro-FTIR. 

The concentration of MPs detected via LDIR is significantly higher
ith respect to FTIR analysis ( Appendix A Fig. S32 ). Specifically, 2117
Ps/L were found in the influent compared to 72 MPs/L identified by
icro-FTIR —an increase by a factor of 30. Most particles measured by
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Fig. 2 – Focal Plane Array (FPA) micro-FTIR characterization of microplastics (MPs) found in the influent sample. The figure shows the abundance (%) of polymers 
in the sample (a), and the fractionation of MPs according to: Polymer type and size (μm) class (b); morphological characteristics and polymer type (c); morphological 
characteristics and size (μm) class (d). PBR: polybutadiene rubber; PAN: polyacrylonitrile; EVA: Ethylene vinyl acetate. 
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DIR were in the smaller size classes (10-300 μm), with only 17 parti-
les exceeding 300 μm in size. The disparity may stem from the sam-
le preparation procedure, which involved using a micropipette (P20)
ith a very small tip opening, making it challenging to collect larger
articles. LDIR offered a detailed analysis of each particle in the EtOH
ispersion aliquot, providing comprehensive structural measurements
e.g., height, length, aspect ratio, perimeter, surface area, eccentricity,
olidity) alongside chemical identification. In contrast, micro-FTIR anal-
ses were conducted manually, with the operator selecting and analyz-
ng each potential MPs particle individually. This approach was subjec-
ive and less effective in samples with high MPs concentrations, poten-
ially leading to undetected particles. LDIR detected particles as small
s 12 μm, surpassing micro-FTIR, which struggled with particles below
0 μm. LDIR enabled high-throughput analysis, including overnight op-
ration. While FTIR required continuous operator involvement, it of-
ered a broader spectral range and greater reliability compared to LDIR.
otably, LDIR can detect particles as small as 5.5 μm in reflectance mode
nd down to 1 μm in attenuated total reflection mode ( Laskar and Ku-
ar, 2019 ). However, FTIR instruments operate within a spectral range

f 900 to 3000 cm− 1 , whereas LDIR systems are limited to a narrower
and of 1800 to 975 cm− 1 . To facilitate the discrimination of particles
sing the FPA micro-FTIR, it would have been possible to dilute the sam-
le or perform a more aggressive chemical treatment to better remove
he OM. However, this approach could cause alteration of the plastic
olymers and hinder their identification. Another option could involve
he use of sequential cartridge filters, which allow for the preselection
f microplastics based on their sizes. For instance, a series of cartridge
lters could be installed on the sampling system, with a nominal pore
ize of 300, 10 and 2 μm. 
429
.2. MPs removal in primary treatments 

In this case, as reported in Fig. 3 a , most MPs identified through
icro-FTIR analysis consisted of PBR and EVA, although PET fibers rep-

esented 22 % of the total polymers. In the effluent of the primary clar-
fier, a concentration of 32 MPs/L was found, including 2 CFs. The MPs
emoval during these primary treatments, which include coarse screen-
ng, oil and grease separation, and primary sedimentation ( Fig. 1 ), was
pproximately 55 %, a value consistent with findings in the literature
 Ali et al., 2021 ). Initial screening and grit removal eliminate larger
Ps, while aeration during grease removal creates air bubbles that allow

maller particles to rise and be skimmed off. During primary sedimenta-
ion, processes like surface skimming, gravity separation, and sorption
emove heavy MPs and those trapped in solid flocs. Chemicals such as
erric sulphate and flocculating agents further enhance MPs removal by
romoting the aggregation of suspended particles ( Rout et al., 2022 ).
omparing the MPs content at this purification stage with that in the in-
uent, it is evident that PET, PP, and CFs were absent in the influent but
resent in the sample collected after primary sedimentation ( Fig. 1 ). This
iscrepancy may be attributed to the autosampler not capturing wastew-
ter aliquots containing these polymers. Alternatively, these polymers,
bsent at the influent sample, could originate from the centrifuge re-
ected water (sludge dewatering), which is reintroduced into the system
pstream of the primary clarifier ( Fig. 1 ). Most MPs found after the pri-
ary treatment had sizes ranging between 50 and 300 μm, followed

y those between 300 and 500 μm, and 10-50 μm ( Fig. 3 d ). Among the
0-50 μm particles, only PBR was found. However, particles of this poly-
er were not found in the size fraction larger than 300 μm. This could

e because larger PBR particles were removed through flocculation-
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Fig. 3 – FPA micro-FTIR characterization of microplastics (MPs) found in the primary clarifier effluent sample. The figure shows the abundance (%) of polymers in 
the sample (a), and the fractionation of MPs according to: Polymer type and size (μm) class (b); morphological characteristics and polymer type (c); morphological 
characteristics and size (μm) class (d). PP: polypropylene; PET: polyethylene terephthalate; CFs: cellulose fibers. 
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oagulation-sedimentation during the primary treatments, thus ending
p in the primary sludge. EVA and CFs particles were the one with larger
izes, namely > 500 μm ( Fig. 3 b ). However, the quantity of large parti-
les ( > 500 μm) found after primary treatments was significantly lower
ompared to the number of small-sized particles. This is confirmed in
he literature, where primary treatments are proven to be effective in
emoving larger MPs particles. For example, Dris et al. (2015) observed
 significant reduction in the fraction of large particles (1000-5000 μm)
rom 45 % to 7 % after primary sedimentation. As seen in Fig. 3 c and
 , most particles found in the primary clarifier effluent were fragments
53 %), particularly fragments of PBR ranging in size between 50 and
00 μm (25 %) and between 10 and 50 μm (19 %). Additionally, PET
nd CFs, predominantly larger than 300 μm, accounted for 31 % of the
otal MPs. Among the major uses of PET are fibers for clothing, and con-
ainers for liquids and food ( Geyer et al., 2017 ). That is the reason why
t is commonly found as fibers in WWTP samples. The EVA granules con-
tituted 16 % of the total MPs in the primary clarifier effluent, with sizes
anging between 50 and 300 μm. Films represented the smallest fraction
f MPs found (3 % of the total) and had sizes exceeding 1000 μm. The
Ps in the primary clarifier effluent were primarily black (PBR, PET),

ollowed by white (EVA), transparent (EVA), and blue/green (PP). It is
mportant to note that not all particles scanned via FTIR were included
n the results, as some FTIR spectra were indecipherable, including those
f conglomerates of black and magenta particles. 

The MPs concentration measured via LDIR in samples from the efflu-
nt of the primary clarifier was 944 MPs/L ( + 28 CFs) ( Appendix A Fig.

34 ). Comparing this data with the MPs count in the influent sample,
he removal attributed to the primary wastewater treatment and mea-
ured with LDIR was 54 %, in agreement with the FTIR analysis (55 %)
nd consistent with literature data ( Enfrin et al., 2019 ). Most MPs iden-
430
ified were classified as "Rubber" (49 %), followed by PP (28 %), PU,
nd ABS (6 %). FTIR analyses highlighted a high presence of PBR in
he samples, which could correspond to the "Rubber" identified in LDIR
see diagnostic bands in Appendix A Fig. S22 ). It is worth to note that
oth these techniques detected polymers such as PET, PP, and CFs, even
f EVA particles were detected only by FTIR. Once again, the particles
dentified via LDIR are predominantly in the size classes < 300 μm. Sim-
larly to FTIR findings, the most abundant MPs detected by LDIR were
ragments, followed by granules and films ( Appendix A Fig. S33c and

 ). However, the quantity of identified fibers was very low (less than
 %), contrasting with FTIR results, where fibers accounted for 25 %
f the sample. This discrepancy suggests that the LDIR instrument may
truggle to accurately analyse fibers in samples with high particle den-
ity, as observed in this case. 

.3. MPs leaving the WWTP through the effluent 

As reported in Fig. 4 a , the most abundant polymer found in the
WTP effluent is EVA, followed by PS, neoprene, CFs, and PE. Con-

idering a 200 L sample volume, the concentration of MPs and CFs
n the WWTP effluent was 1.05 MPs/L. This value aligns with mea-
urements from similar plants using analogous analytical techniques
 Sun et al., 2019 ). Consequently, the MPs removal efficacy of the in-
estigated plant is approximately 98 %. Such high efficiency, even for
 conventional treatment plant, may be influenced by the size of the
WTP. This plant, designed to treat 450,000 pe, typically handles only

bout half of its intended capacity. As a result, the coagulation, floc-
ulation, and sedimentation processes could be particularly effective.
nterestingly, the chemical composition of MPs detected in the influent
iffers from that in the WWTP effluent. The types of polymers identi-
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Fig. 4 – FPA micro-FTIR characterization of microplastics (MPs) found in the wastewater treatment plant effluent sample. The figure shows the abundance (%) of 
polymers in the sample (a), and the fractionation of MPs according to: Polymer type and size (μm) class (b); morphological characteristics and polymer type (c); 
morphological characteristics and size (μm) class (d). PE: polyethylene; PS: polystyrene. 
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ed change across treatment stages, highlighting the complex and un-
redictable dynamics of MPs within WWTPs. These findings underscore
he importance of comparing different analytical techniques to evaluate
hether one method provides more consistent and reliable results than
thers. As can be seen in Fig. 4 c and 4 d , most MPs exiting the plant
ere found to be fragments (41 %), particularly small-sized fragments
f PS and neoprene (50-300 μm and 10-50 μm, totalling 31 %). Sev-
ral EVA fragments found in the effluent were granular or film-shaped,
ith size ranging from 500 to 1000 μm. The investigated WWTP op-

rates as a conventional activated sludge plant without tertiary filtra-
ion or advanced technologies for further removing contaminants and
uspended solids. Literature suggests that implementing final filtration
ethods, such as disc or sand filtration, could significantly improve the

emoval of large MPs ( Talvitie et al., 2017b ). The fibers identified in
he WWTP effluent were CFs, constituting approximately 10 % of the
otal MPs in the effluent, with most ranging from 300 to 500 μm in size.

hile cellulose is biodegradable by environmental organisms, its poten-
ial environmental impact remains significant. Similar to MPs, cellulose
icroparticles can act as carriers for potentially toxic chemicals, em-
hasizing the need for further investigation and mitigation strategies.
he MPs colour in the WWTP effluent sample was mainly transparent
EVA, PS), white/blue (EVA), black (neoprene, CFs), and blue (PE). It is
oteworthy that several reticulated-shaped EVA fragments were found.
hese fragments were identified not only in the effluent but also in the

nfluent sample, as well as in the sample collected after the primary
larifier. 

Even for the WWTP effluent, the LDIR analyses measured a concen-
ration of MPs (93 MPs/L) that is much higher than the concentration
ound with micro-FTIR analysis (1 MPs/L). LDIR enabled analysis at a
patial resolution of up to 5.5 μm, with a pixel size range as small as 1 μm
431
n reflection mode. Although the spatial resolution of FPA micro-FTIR
as comparable (pixel size of 5.5 × 5.5 μm2 ), analysing MPs smaller than
0 μm with FPA micro-FTIR proved challenging since only few spectra
2-3) are collected on such samples, with no reliable statistics on spec-
ral features (e.g., diagnostic bands, oxidation peaks). It is important to
ote that while the LDIR analysis was fully automated ( section 2.5 ), the
anual FTIR analysis may have led to an underestimation of the parti-

les present on the filter. However, the LDIR instrument only provides
pectra in the fingerprint region, which can pose challenges in identi-
ying altered or aged MPs. The FPA detector used in micro-FTIR has a
ensitivity of < 0.5 pg/pixel, sufficient to detect plastic polymers on the
lass fiber filter. Nonetheless, its lower spatial resolution and signal-to-
oise ( S / N ) ratio compared to LDIR require multiple scans (e.g., 128 or
ore) to achieve high S / N spectra when analyzing MPs samples mixed
ith sediment or organic/inorganic materials. In the absence of inter-

erences, fewer scans are needed, enabling faster measurements and the
bility to scan larger filter areas. The main advantage of FPA micro-FTIR
ies in its ability to confirm polymer identification with greater accuracy
y analyzing the full mid-IR spectral range. In contrast, LDIR excels in
ime efficiency for screening filters crowded with numerous plastic par-
icles. Using these methods in tandem provides a more comprehensive
nalysis, combining the precision of FPA micro-FTIR with the speed and
fficiency of LDIR. Nevertheless, the calculated MPs removal efficiency
f the WWTP using LDIR data was around 96 %, comparable to the
8 % obtained using FTIR data. The MPs measured with LDIR in the
WTP effluent were smaller than 300 μm, with the majority ranging

etween 10 and 50 μm ( Appendix A Fig. S34 ). Of these MPs, 65 %
ere fragments, primarily composed of Rubber, as well as PP and poly-
xymethylene ( Appendix A Fig. S34c and d ). An additional 18 % were
lms (PP and PU), while only 7 % were fibers (polyamide (PA) and PU).
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Fig. 5 – FPA micro-FTIR characterization of microplastics (MPs) found in the activated sludge sample. The figure shows the abundance (%) of polymers in the sample 
(a), and the fractionation of MPs according to: Polymer type and size (μm) class (b); morphological characteristics and polymer type (c); morphological characteristics 
and size (μm) class (d). PU: polyurethane; NR: nitrile rubber; ABS: acrylonitrile butadiene styrene. 
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.4. MPs trapped in the activated sludge 

The number of MPs detected in the activated sludge, 123 MPs/L, was
ignificantly higher than in previous samples. Among these MPs, 18 %
ere classified as CFs. The identified polymer classes in the activated

ludge were diverse ( Fig. 5 ), as was the particle size distribution. Ap-
roximately 53 % of MPs ranged between 50 and 300 μm, while the
emaining particles were between 300 and over 1000 μm. FPA micro-
TIR analysis revealed that EVA was the most abundant polymer in the
ludge, followed by nitrile rubber (NR), ABS, and cellulose. As shown in
ig. 5 c and d , most of the MPs identified were fibers of PET and cellu-
ose, ranging in size from 50 to 300 μm (30 %), followed by fragments
ithin the same size range (24 %). In this matrix, PU fragments were
lso detected. PU is widely used to create elastic materials for appli-
ations such as seals, soft parts of toys, clothing and accessories, and
edical products. Additionally, it is commonly used in paints and adhe-

ives. Fragments of NR were also found. The MPs inspected in activated
ludge samples were primarily red or reddish in colour (PET, PE, CFs,
R), followed by white (PU, ABS, PBR), black (CFs), green (EVA), and
lue (EVA). No films were detected in the activated sludge. The concen-
ration of MPs in activated sludge was therefore nearly double that of the
nfluent and approximately twelve thousand times higher than the con-
432
entration in the effluent (FTIR data). Not all particles were analysed, as
he FTIR spectra of some scans were too noisy to be clearly attributed.
hese included numerous large black conglomerates ( > 500 μm) and
reen fragments ( > 500 μm) with a ’net-like’ structure. 

With a total solids content of 5.56 g/L, it is estimated that one kg of
ry activated sludge contains over 200,000 MPs. These results demon-
trate that activated sludge retains a high concentration of MPs, sug-
esting their accumulation within the sludge line of WWTPs. Sludge
ocs and extracellular polymeric substances secreted by biomass in aer-
tion tanks play a significant role in capturing MPs, which subsequently
ettle in secondary clarifiers. Additionally, MPs can be ingested and re-
ained by protozoa and metazoa ( Kanold et al., 2021 ). Prolonged contact
imes in biological treatment promote biofilm formation on MPs sur-
aces, altering their physicochemical properties and improving removal
fficiency. These processes, in combination with factors such as polymer
ype and operational conditions, are critical for the effective removal
f MPs ( Jani et al., 2024 ). MPs, particularly those that are degraded,
orous, and rough, can serve as growth substrates for bacteria. This
echanism parallels the principle of Moving Bed Bioreactor (MBBR)

echnology, where plastic elements provide a physical surface for micro-
ial biofilm growth that aids in the degradation of organic contaminants
 Bassin and Dezotti, 2018 ). However, bacterial colonization on MPs can
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Fig. 6 – FPA micro-FTIR characterization of microplastics (MPs) found in water extracted during centrifugation sludge dewatering. The figure shows the abundance 
(%) of polymers in the sample (a), and the fractionation of MPs according to: Polymer type and size (μm) class (b); morphological characteristics and polymer type 
(c); morphological characteristics and size (μm) class (d). 
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odify their spectral profiles, complicating polymer identification via
nfrared spectroscopy. Despite these challenges, MPs may enhance ox-
dative biological treatment efficiency, though their environmental re-
ease must be minimized. Studies have shown that MPs negatively im-
act methane production during the AD of sewage sludge ( Pittura et al.,
021 ). Moreover, prolonged exposure to chemical, physical, and bio-
ogical degradation can fragment MPs into nanoplastics, which present
n even greater environmental concern due to their smaller size and
ncreased mobility. 

In the activated sludge, the concentration of MPs measured with
DIR reached 10,800 MPs/L, much higher than the amount detected
sing FTIR analyses (almost 88 times). Most of the particles fell into the
mallest size class (10-50 μm), followed by those in the 50-300 μm and
00-500 μm size ranges ( Appendix A Fig. S35 ). The diversity of poly-
ers found in the activated sludge samples was notable, with PU being

he most prevalent, followed by PE, various Rubber, PA, ABS, and PET
 Appendix A Fig. S35a ). Notably, some of these polymers, including
BS, PE, rubber (PBR, NR), PET, and PU, were also identified during
TIR analyses. Both FTIR and LDIR analyses underscore the critical im-
ortance of effective sewage sludge management and disposal. Sewage
ludge, encompassing activated sludge, primary sludge, and additional
nputs from the sludge line, acts as the ultimate sink for MPs entering

WTPs. It also accumulates a wide range of emerging contaminants
temming from human activities, including pharmaceuticals, personal
are products, and priority pollutants such as heavy metals and per-
istent organic pollutants (e.g., polycyclic aromatic hydrocarbons and
olychlorinated biphenyls). In Italy and across Europe, composting dis-
osed sludge is a common practice. However, applying this compost to
gricultural soils introduces significant risks to human health and the
433
nvironment. When composted sludge is used in agriculture, MPs and
ther non-degraded contaminants can irreversibly infiltrate the soil, ul-
imately entering human and animal food chains. Despite the potential
enefits of sewage sludge for nutrient recovery, (e.g., nitrogen, phospho-
ous, and potassium), residual fractions should be prioritized for thermal
estruction to mitigate these risks. If dewatered sludge contains a high
oncentration of MPs, energy recovery may present a viable disposal
ption. The specific heat values of most polymers (41.9–45.5 MJ/kg)
re comparable to those of conventional fossil fuels, making sludge
ith high polymer content an efficient energy source ( Cavazzoli et al.,
023 ). This approach aligns with circular economy principles while
ddressing the challenge of MPs contamination in agricultural
pplications. 

.5. Recirculation of MPs in the WWTP via centrifuge rejected water 

FTIR analysis revealed that centrifuge rejected water samples con-
ained the highest concentration of MPs, with 484 MPs/L detected, in-
luding 14 CFs. As shown in Fig. 6 a , the predominant polymer was ABS,
aking up 72 % of the particles, followed by EVA (19 %), PE/PP (6 %),

nd cellulose (3 %). Most ABS particles were fragments in the smallest
ize fractions, specifically 10-50 μm and 50-300 μm. The sludge enter-
ng the centrifuge had already undergone AD and dewatering treatments
e.g., drying belts), which likely contributed to the high number of small
Ps due to the fragmentation of larger particles. However, several par-

icles larger than 1000 μm were also present ( Fig. 6 b ), including 22
Ps/L of PE/PP, 14 MPs/L of EVA, and 7 CFs/L. In terms of colour,
ost MPs were black (ABS, CFs), followed by transparent (EVA, PP/PE,
Fs), blue (EVA, PP/PE), and white (EVA). Black pigmented ABS pipes
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Fig. 7 – Thermal desorption gas chromatography coupled with mass spectrometry (TD-GC/MS) mass quantification of selected microplastic (MPs) polymers (PP, 
polyvinyl chloride (PVC), PE, PS, polymethylmethacrylate (PMMA), and bioplastic) in samples analyzed using FPA micro-FTIR and Laser Direct Infrared (LDIR). 
The figure illustrates the abundance of MPs ranging from 10 to 5000 μm in size, quantified in μg/L. Numbers represent sampling points: (a) 1) influent; 2) primary 
clarifier effluent; 3) wastewater treatment plant effluent. (b) 4) activated sludge; 5) centrifuge rejected water. 
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re commonly used in hydraulic applications. The numerous ABS frag-
ents found in the centrifuge rejected water could be attributed to wear

n these pipes within the system. In addition, urban run-off is another
otential source of ABS particles, as this polymer has seen a significant
ncrease in production across various manufacturing sectors over the
ast few decades ( Jiang et al., 2020 ). ABS is highly susceptible to UV
egradation ( Henshaw et al., 1999 ); thus, if exposed to sunlight, such as
n agricultural soils, it can degrade rapidly, releasing smaller particles
nd associated additives into the environment. The centrifuge rejected
ater is recirculated to the head of the plant, causing MPs to predom-

nantly re-enter the sewage sludge. ABS has a slightly higher density
han water ( 𝜌pure polymer = 1.04–1.12 g/cm3 ), biofouling likely facili-
ates the coagulation and sedimentation of these particles. As a result,
BS accumulates in the sludge, driven by its continuous release from
rban sources, degradation of the WWTP piping system, and the recir-
ulation of centrifuge rejected water, which reintroduces ABS MPs into
he wastewater line. 

LDIR measurements revealed a concentration of 23,000 MPs/L
 + 500 CFs) in the water extracted from the centrifuge during sludge
ewatering, which is approximately 50 times higher than the concen-
ration detected through FTIR analysis. As reported in Appendix A

ig. S36a , the predominant polymers identified with LDIR were Rubber
34 %), ABS (23 %), PP (17 %), and PU (13 %). Little amounts of PET,
Fs, and PA were also detected. The ABS content measured by LDIR was

ower than that reported by FTIR (34 % vs. 72 %). This discrepancy may
tem from the randomly selected filter areas scanned during FTIR analy-
is, which could have captured regions with a non-uniform distribution
nd higher concentrations of ABS particles, potentially overlooking par-
icles of other polymers. The representativeness of the sample and the
ccuracy of manual systems are critical considerations in MPs analysis,
articularly for environmental samples with high levels of organic and
norganic matter. Most MPs analysed by LDIR were found in the size
anges of 50-300 μm, with smaller fragments being predominant ( Ap-

endix A Fig. S36c and d ). However, PU and PP films and granules
etween 300 and 1000 μm were also detected. Consistent with FTIR
ndings, LDIR analysis identified small fragments as the most prevalent
hape of MPs in the centrifuge rejected water, followed by films (13 %),
bers (6 %), and granules (4 %). While the polymers identified using
DIR largely aligned with those found by FTIR, EVA was not detected,
espite the LDIR database being updated with its specific spectrum. No-
ably, LDIR analysis identified a broader variety of polymers compared
o FTIR, further highlighting the importance of using complementary
nalytical methods for comprehensive MPs characterization ( Appendix

 Fig. S36 ). 
434
.6. MPs mass quantification by TD-GC/MS 

Compared to spectroscopic techniques, which indicated that cen-
rifuge rejected water contains more MPs than other samples, TD-GC/MS
nalysis revealed a higher MPs mass concentration in the activated
ludge ( Fig. 7 ). Specifically, the analysis measured a total of 1620
gMPs /L in the activated sludge, equivalent to 291 μg/g or approxi-
ately 0.3 mg/g dw. While MPs account for only 0.03 % of the total

ctivated sludge mass, it is essential to consider that submicrometric
lastic particles have a minimal specific weight. PE emerged as the most
bundant polymer across the various samples, followed by PVC, PS, PP,
ioplastic, and PMMA. No detectable traces of MPs were found in the
xtraction blanks. 

In the WWTP influent, the most prevalent polymers are PE and PP,
ith smaller amounts of PVC, PS, and PMMA. During primary sedimen-

ation, the concentration of MPs decreases significantly, from 177 μg/L
n the influent to 105 μg/L in the primary clarifier effluent, correspond-
ng to a 41 % removal rate ( Fig. 7 ). This reduction is consistent with
ndings reported in the literature but is lower than the reductions ob-
erved with FTIR and LDIR. It is important to note that TD-GC/MS anal-
sis targets only specific polymers, which limits direct comparison with
he other techniques that detect a broader range of compounds. In the

WTP effluent, the total concentration of MPs decreases significantly,
articularly for polymers such as PVC, PS, and PMMA, while bioplastics
ere not detected. The concentration drops to 2 μg/L, representing a
9 % removal of MPs between the influent and effluent. As anticipated,
he activated sludge sample exhibits the highest concentration of MPs,
ith PE being the most abundant polymer, followed by PP, PS, PMMA,
nd bioplastics. This high MPs mass concentration highlights the role
f activated sludge as a significant sink and reservoir for MPs. The cen-
rifuge rejected water contains substantial amounts of MPs (1100 μg/L),
orroborating results from FTIR and LDIR analyses. As illustrated in the
WTP schematic ( Fig. 1 ), water extracted during sludge centrifugation

s redirected to the system before primary sedimentation. If the MPs in
his water bypass purification and sedimentation processes, they could
ventually end up in the effluent and, subsequently, in the environment.
o address this, implementing effective treatment technologies for the
entrifuge extracted water prior to recirculation within the plant is es-
ential. 

Unlike the FTIR and LDIR analyses, ABS and tire wear particles could
ot be identified using TD-GC/MS. The inability to analyze thermal
egradation products of tire wear may be attributed to the thermal des-
rber’s maximum operating temperature of 400°C, which is insufficient
o effectively volatilize rubbers, as these materials are specifically de-
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igned to withstand higher temperatures ( Peters, 2002 ). Employing a
yrolizer (Py-GC/MS) that operates up to 900 °C may enhance the de-
ection of compounds like ABS and tire wear particles. However, such
igh temperatures increase the volatility of many substances, potentially
esulting in the formation of contaminated gases with degraded prod-
cts. Furthermore, Py-GC/MS instruments typically have a sample size
imit of 5 mg, which poses challenges in obtaining a sufficiently repre-
entative and analysable sample ( Hermabessiere et al., 2018 ). The an-
lytical method used in this study offers an advantage by enabling the
irect analysis of the glass filter on which all MPs from environmen-
al (WWTP) samples were collected, eliminating the need for additional
ntermediate processing steps. When analysing MPs using GC/MS, it is
rucial to identify specific marker fragments for accurate polymer iden-
ification and quantification. Polymers such as PS, ABS, and tire wear
articles share common thermal degradation products, like styrene and
inyl cyclohexene, making it challenging to quantify a specific poly-
er based solely on these shared fragments. To resolve this, additional

omplementary molecules should be investigated, such as mercaptans
or tire wear fragments. In our analysis, no thermal desorption prod-
cts indicative of ABS or tire wear were detected, so these polymers
ere not considered present in the samples. Following methodologies
sed in other studies, benzene was selected as a marker for quantifying
VC content in the samples ( Dehaut et al., 2016 ; Fischer and Scholz-
öttcher, 2017 ). However, the presence of benzene in the samples may
ot be exclusively due to PVC, demanding a more selective and specific
arker. However, the presence of benzene in the samples may not be

xclusive to PVC, highlighting the need for a more selective and specific
arker. For PS quantification, styrene was chosen as the fragmentation
roduct. Although styrene is also present in ABS and tire wear particles,
t was attributed solely to PS because other identifying fragments —such
s benzene-butane nitrile for ABS and mercaptans for tires —were not
etected. While it is reasonable to attribute the styrene fragment to PS,
here remains a possibility of some contribution from other polymers.
he variability of polymers in the environment complicates instrument
alibration for MPs quantification. For instance, laboratory tests on PET
Ps using TD-GC/MS revealed that particles of the same polymer but

ifferent colours produced significantly different chromatograms (data
ot shown). This variability makes establishing precise chromatographic
eferences for specific polymers a lengthy and complex process. Addi-
ionally, mixtures of different polymers, which are present in all environ-
ental samples, generate new reaction by-products during the thermal
esorption phase. These by-products create additional peaks that must
e interpreted. For example, the chromatograms of PET and PVC ana-
yzed separately differ from those of a PET and PVC mixture analyzed
n the same run (data not shown). 

.7. Calculation of MPs removal efficiency and environmental emission 

actors 

This paragraph discusses the emission factors associated with the
tudied WWTP in relation to the LDIR and TD-GC/MS results. LDIR de-
ected the highest number of MPs and is therefore considered to pro-
ide the most conservative estimates of environmental emission factors.
n contrast, TD-GC/MS provides complementary data by measuring the
mitted mass of the investigated polymers (PP, PVC, PE, PS, PMMA, bio-
lastic). For details on the WWTP data used to calculate MPs removal
nd emission factors, please refer to Appendix A Tables S6-S10 (Sup-
lementary data). Given that the sampling method used in this study
id not capture MPs in the 1–10 μm size range, the following calcu-
ations are likely underestimating the total MPs released into the en-
ironment. The estimation of MPs emission factors attributable to the
nvestigated WWTP was based on the total volume of treated wastewa-
er (see section 2.1 - Materials and methods). CFs were excluded from
hese calculations. 

LDIR analysis revealed that the influent wastewater contained 2117
Ps/L, equivalent to approximately 9 × 1010 MPs per day, predomi-
435
antly ABS, PU, and rubber particles smaller than 300 μm. TD-GC/MS
nalysis indicated a total MPs concentration of 177 μg/L, correspond-
ng to 7.5 kg/day, with over 94 % being PE and the remainder PS.
ased on the WWTP’s capacity of 337,000 pe, emissions were esti-
ated at 265,687 MPs/(pe·day) (LDIR) and 22 mgMPs /(pe·day) (TD-
C/MS). After primary sedimentation, MPs concentrations decreased

o 944 MPs/L, reflecting a 54 % removal efficiency ( 𝜂rem 

). This re-
uction resulted from physical and chemical processes like sedimenta-
ion, flocculation, and skimming, particularly affecting MPs in the 50–
00 μm range ( 𝜂rem 

= 62 %). Granules were removed most effectively
 𝜂rem 

= 67 %), while films showed minimal removal ( 𝜂r em 

= 5 %). ABS
nd PU were removed with high efficiencies ( 𝜂rem 

= 93 % and 90 %,
espectively), whereas rubber removal was limited to 9 %. TD-GC/MS
nalysis indicated a total MPs removal efficiency of 39 %, lower than
DIR findings most likely due to fewer analyzed polymers. PE concen-
rations dropped by 40 %, and PS exhibited a 𝜂rem 

of 49 %. In the WWTP
ffluent, LDIR detected 4 × 109 per day (11,700 MPs/(pe·day)), mostly
ubber and PP fragments under 300 μm. Assuming the effluent flow
qualled the influent, biological oxidation achieved 90 % removal of
Ps entering the tank, contributing to an overall 𝜂rem 

= 96 %. This
reatment effectively removed smaller MPs and films, which were less
mpacted during primary treatments ( 𝜂rem 

= 88 %). PET fibers, mini-
ally reduced during primary treatments ( 𝜂rem 

= 13 %), were fully elim-
nated during biological oxidation and final clarification. TD-GC/MS
dentified all six polymers in the effluent (PP, PVC, PE, PS, bioplas-
ic, PMMA) at a total concentration of 1.77 μg/L, equating to 75 g/day
0.22 mgMPs /(pe·day)). PE accounted for 53 g, PVC 11 g, PP 6 g, PS 4 g,
ioplastics 0.8 g, and PMMA 0.4 g. Although these values are modest
ompared to the total suspended solids (TSS) emissions of the WWTP
4 mg/L, approximately 169 kgTSS /day), they may represent only part
f the total MPs output. MPs in effluents can adsorb and transport con-
aminants like heavy metals, pharmaceuticals, and synthetic musk fra-
rances, and may carry microorganisms, viruses, or antibiotic resistance
enes, posing significant environmental risks ( Galafassi et al., 2021 ;
irstein et al., 2016 ; Vir š ek et al., 2017 ). To minimize MPs emissions,
dvanced treatments like tertiary filtration, phytoremediation, or ad-
anced oxidation processes should be implemented ( Abi Farraj et al.,
024 ; Kim et al., 2022 ; Sarti et al., 2024 ). These technologies can en-
ance removal efficiency and mitigate associated risks, ensuring safer
ffluent discharge into the environment. 

As previously discussed, calculating environmental emission factors
or WWTPs must include not only the treated effluent but also the sludge
roduced and disposed of by the plant. Sewage sludge, frequently com-
osted and applied to agricultural land, represents a significant path-
ay for MPs introduction into terrestrial environments. Research has
emonstrated that sludge application markedly increases MPs accumu-
ation in soils, with plastic loads steadily rising with successive appli-
ations ( van den Berg et al., 2020 ). This trend underscores the long-
erm contamination risk posed by sludge-derived MPs, particularly as
hese particles persist and potentially fragment further in the environ-
ent. Sludge treatment processes may further alter MPs properties, such

s surface area and chemical composition, influencing their environ-
ental behaviour and improving pollutant adsorption and bioavailabil-

ty, thereby posing risks to ecosystems and food safety ( Hatino ğlu and
anin, 2021 ). The accumulation of MPs in agricultural soil also raises
oncerns about their transport across the soil-water-plant continuum
nd potential entry into the food chain ( Corradini et al., 2019 ). In this
tudy, the MPs content in the final dewatered sludge was not directly
easured. However, an estimate of this value was made using data pro-

ided by the plant operator, along with a mass and flowrate balance
 Appendix A Table S6 ). Based on the LDIR results, the activated sludge
ontained 10,800 MPs/L, while the mass concentration was 1.6 mgMPs /L
TD-GC/MS). From the mass balance calculations, it was estimated that
he excess sludge produced, dewatered, and disposed on the specific
ampling day contained 8.6 × 106 MPs per kg dw, or 0.75 gMPs /kg dw
TD-GC/MS). These figures are concerning, especially as the MPs tar-
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eted in this study were larger than 10 μm, suggesting that the actual
ontent may be underestimated. These findings underscore the urgent
eed for comprehensive risk assessments and sustainable management
f sludge reuse to address its environmental and health impacts. Another
oncern is the high concentration of MPs detected in the water extracted
rom the centrifuge, as all analytical techniques employed in this study
eported elevated levels. With excess sludge undergoing dewatering and
 centrifuge capture efficiency of approximately 90 %, the extracted wa-
er amounts to 447 m3 /day. According to LDIR measurements, each litre
f this water contains approximately 22,500 MPs, predominantly rub-
er (34 %), ABS (23 %), PP (17 %), and PU. This translates to around
 × 101 0 MPs being reintroduced into the wastewater treatment line
aily, equivalent to 11 % of the MPs entering the plant with the raw
astewater. TD-GC/MS analysis suggests that about 0.5 kg of MPs are

eturned to the treatment line daily (7 % of the mass of investigated
Ps entering with the raw wastewater), primarily PE. However, the in-

bility of TD-GC/MS to identify rubber and ABS, as indicated by LDIR
esults, suggests that the actual MPs load may be considerably higher.
hese findings align with previous studies ( Salmi et al., 2021 ), which
lso reported significant reintroduction of MPs via centrifuge rejected
ater ( Fig. 1 ). To mitigate this issue, it is strongly recommended to im-
lement solutions that address this internal recirculation challenge, such
s integrating filtration systems or an intermediate sedimentation step
efore reintroducing the extracted water into the treatment line. 

Our findings contribute to the growing understanding of MPs pollu-
ion, emphasizing the role of WWTPs as significant sources of ecosystem
ontamination and potential human exposure. The adverse effects of
Ps on aquatic organisms are well-documented, and emerging clinical

vidence suggests possible health risks to humans, though the long-term
mplications remain unclear ( Pal et al., 2024 ). This study supports global
fforts to address and mitigate the environmental and health challenges
osed by MPs ( Giarrizzo et al., 2019 ), underlining the urgent need for
ppropriate treatment technologies and sustainable management prac-
ices to reduce MPs emissions. 

. Conclusions 

Controlling plastic emissions is vital due to their substantial impacts
n environmental and human health. Standardizing methods for sam-
ling and analysing MPs, particularly particles as small as 1 μm, re-
ains a key challenge. This study demonstrated the effectiveness and

imitations of multiple analytical techniques in assessing MPs pollution
n WWTPs. LDIR enabled efficient detection and quantification of MPs
s small as 12 μm, offering high-quality, automated results with reduced
perator error, though manual verification remains advisable for aged
nd weathered MPs. FPA micro-FTIR provided complementary data but
aced challenges with particles smaller than 20 μm, with longer anal-
sis times and potential operator-related biases for MPs-rich samples.
D-GC/MS complemented these findings by quantifying the mass of tar-
eted polymers, though it required precise calibration and expert inter-
retation. Despite differences in analytical outputs, all methods revealed
onsistent trends in MPs behaviour and removal efficiency across the
astewater treatment processes. Conventional activated sludge treat-
ents achieved over 96 % MPs removal, yet the large volumes of treated
ater still released significant MPs loads into the environment (4 billion
Ps/day or 75 gMPs /day, depending on the analytical method). MPs
ere predominantly retained in sewage sludge, underscoring the impor-

ance of sustainable sludge management to prevent their reintroduction
nto ecosystems via agricultural reuse. Energy recovery strategies, such
s incineration or co-pyrolysis, could safely eliminate MPs while valoris-
ng sludge, aligning with circular economy principles by turning waste
nto a resource. Furthermore, centrifuge rejected water was identified as
 significant pathway for reintroducing MPs into the wastewater treat-
ent process. Effective interventions, such as filtration or intermediate

edimentation, are needed to intercept these particles before recircu-
ation. By addressing these internal contamination pathways, WWTPs
436
an further enhance MPs removal and reduce environmental emissions.
dditionally, the adsorption properties of MPs present opportunities for
emoving micropollutants, offering a dual benefit for improving wastew-
ter treatment efficiency. These findings highlight the critical role of
WTPs in mitigating MPs pollution and underscore the need for har-
onized sampling and analytical methods to improve global monitoring

fforts. Enhanced treatment technologies and sustainable sludge man-
gement practices are essential to minimizing environmental risks, pro-
ecting ecosystems, and supporting public health. 
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